Aim Biogeographers typically assess patterns of diversity across landscapes. As interacting groups often exhibit contrasting trends, this leads to variation in the structure of interaction networks and thereby influences ecosystem processes. Here we aim to disentangle how patterns of diversity differ between species (plants, pollinators) and their interactions across an agricultural landscape. The region is known for its irrigated gardens which appear as high-diversity islands in the mountainous habitat. We are interested in whether this local enhancement was (a) increasing landscape heterogeneity by supporting novel species or (b) increasing local diversity by supporting higher densities of species that also occur in the unmanaged habitat.
INTRODUCTION
Understanding landscape scale patterns of diversity is an important challenge in conservation biogeography because it can help inform which strategies will be most effective at maximizing diversity. Beta diversity can be maintained across a landscape by two processes, nestedness and spatial turnover (Wright & Reeves, 1992; Baselga, 2010) . Nestedness occurs when less diverse assemblages of species form a nested subset of those present in the entire species pool and usually reflects a non-random process of species exclusion from less diverse sites (Ulrich & Gotelli, 2007) . In contrast, spatial turnover occurs when certain species are actively replaced by others, creating distinct assemblages that each support novel species (Leprieur et al., 2009) . It is useful to understand these patterns of beta diversity because communities exhibiting high nestedness versus high spatial turnover require contrasting conservation strategies; in nested communities, the targeted conservation of the most diverse habitat patches can benefit the majority of species, but in those with high spatial turnover, it is essential to maintain a number of patches with high habitat heterogeneity in order to conserve all the species in the community (Wright & Reeves, 1992; Baselga, 2010) .
Deciding on the target organism also has a strong influence on the most appropriate conservation strategy because different taxa can display contrasting patterns of beta diversity across a shared landscape (Fleishman et al., 2002; Soininen et al., 2007) . Species with higher dispersal abilities tend to show lower levels of turnover (Soininen et al., 2007) , and herbivorous insects show much lower levels of spatial turnover than plants due to generalized foraging behaviour (Novotny et al., 2007) . Because pollinators are more mobile than plants and their plant-pollinator interactions tend to be generalized (Graves & Shapiro, 2003; Bjerknes et al., 2007; Williams et al., 2011) , they are likely to exhibit much lower levels of turnover than the plants on which they forage.
In reality, groups of organisms cannot be considered in isolation, with communities consisting of complex networks of interacting species from different trophic levels (Tylianakis et al., 2010) . Conservation is traditionally aimed at rare and threatened species and often fails to take into account the networks of interactions that are responsible for maintaining ecosystem services such as pollination and pest control (Memmott et al., 2004; Fontaine et al., 2005; Tylianakis et al., 2007; Macfadyen et al., 2009) . We are currently moving towards a more holistic approach to conservation that focusses on preserving ecosystem functioning (MEA, 2005; Balvanera et al., 2006) so must consider how to best conserve the networks of interactions among species. In the context of plants and pollinators, we must decide whether we want to prioritize the conservation of pollinator species or pollination services. If it is the latter, then it may be more useful to focus on conserving plant-pollinator interactions rather than pollinator species per se. In this study, we compare patterns of alpha and beta diversity between plants, pollinators and their interactions, to disentangle how community structure changes between species and their interactions across a shared landscape.
The unusual distribution of resources associated with our study site in South Sinai makes it an ideal location to compare patterns of landscape scale diversity. It is an arid mountainous region, but the presence of rainwater harvesting allows the cultivation of agricultural gardens with a higher potential for plant growth than unmanaged habitat (Norfolk et al., 2013) . These gardens appear as resource-rich islands in an arid landscape and have been shown to support a higher diversity of wild plants and pollinators than the surrounding habitat (Norfolk et al., 2013; . In this study, we were interested in how the gardens affected the alpha diversity of plants, pollinators and interactions as compared to those found in the unmanaged habitat.
Landscape context is known to have a strong influence on the composition of pollinator communities (Holzschuh et al., 2007) , with the species richness of crop pollinators declining with distance from natural or semi-natural habitat (Ricketts et al., 2008) and increasing with the quality of the surrounding habitat (Kennedy et al., 2013) . We predicted that impact of the gardens would differ in accordance to the quality of the surrounding habitat. Previous studies have shown that the natural habitat contains a higher abundance and diversity of wild flora at higher altitudes (Ayyad et al., 2000; Norfolk et al., 2013) , so we have selected gardens from two altitudinal categories: (1) the high mountains (isolated, cooler temperatures, higher water availability) and (2) the low mountains (close proximity to villages, more disturbed, lower water availability). Specifically, we predicted that the irrigated gardens would increase the abundance and alpha diversity of plants, pollinators and interactions above those found in the unmanaged habitat, with a greater effect in the low mountains due to a higher contrast with the quality of the matrix.
We utilized new techniques in similarity analyses (Gotelli & Chao, 2013) to test two models for explaining how beta diversity was maintained across this agricultural landscape. The first model predicted high levels of spatial turnover, with gardens increasing landscape heterogeneity by supporting novel species that were not present in the unmanaged habitat (Fig. 1a) . The second model predicted that diversity would be nested, with low levels of turnover across the landscape (Fig. 1b) . In this model, gardens would create local enhancement by increasing the densities of species that were also present in the unmanaged species pool.
We hypothesized that plants and pollinators would show contrasting levels of turnover and that: 1. Plants would follow the first model, exhibiting high levels of spatial turnover with gardens increasing overall landscape heterogeneity. 2. Pollinators would follow the second model, showing much lower levels of spatial turnover (due to their greater mobility and generalized foraging behaviour) with gardens creating local enhancement. 3. Plant-pollinator interactions would be influenced by the distribution of both plants and pollinators with high levels of spatial turnover across the landscape following the first model.
We found highly contrasting patterns of turnover between plants, pollinators and their interactions and that patterns of alpha diversity were strongly influenced by the landscape context. (Cools et al., 2012) . The local Bedouin traditionally farm orchard gardens at the base of the wadis that depend on the run-off rainwater to facilitate the growth of a variety of orchard products as well as vegetables and herbs (Zalat & Gilbert, 2008; Norfolk et al., 2012) . The gardens are primarily used for subsistence, but also contain ornamental flowers and have been shown to provide important habitat for rare wild native plants (Norfolk et al., 2013) . From satellite imaging we have estimated that there are between 500 and 600 gardens in the St Katherine Protectorate, which form a dense network of walled gardens that run along the base of mountain wadis (O. Norfolk, unpublished data). Gardens were selected at random from the two altitudinal zones, (1) high mountains, 1800-1850 m a.s.l. (N = 9), and (2) low mountains, 1300-1550 m a.s.l. (N = 10). An equal number of unmanaged plots were sampled at the base of the selected wadis, in areas where slope and soil type resembled those found in the neighbouring gardens (Fig. 2) . We refer to these as unmanaged plots, because they have no active management and represent the habitat that would be present in the absence of agriculture. Gardens tended to occur in tight clusters along the base of the wadis, so the choice of unmanaged plots was highly constrained, but within each wadi all of the gardens and unmanaged plots were within 1 km of each other, with a mean distance of 461 m AE 73 between gardens and the nearest controls. The maximum foraging range of many solitary bees is 600 m (Osborne et al., 1999; Gathmann & Tscharntke, 2002) , and wild pollinators generally respond to landscape factors within a 1 km radius (Steffan-Dewenter et al., 2002) . As such, we can assume that within wadi we are sampling from the same pollinator assemblage, with habitat type (garden versus unmanaged) being the main varying factor. Five contiguous 10 9 10 m² quadrats were measured out in each garden and unmanaged plot for four repeat surveys across the season. Gardens ranged from 600 to 2800 m 2 in size, so between 20 and 80% of each garden was surveyed. There was no significant difference in garden size between the high mountains and low mountains (lmer: v 2 = 1.42, df = 1, P = 0.233), so garden size has not been included in further analyses.
METHODS

Study area
Flower visitor surveys
To investigate patterns of diversity in plants and pollinators, we conducted monthly plant-pollinator surveys in the selected gardens and unmanaged plots throughout April to July 2013. The total number of fresh flowers (i.e. petals and anthers intact and not dried) was recorded for each plant species to allow calculation of floral abundance and plant diversity. For clustered, umbelled or spiked inflorescences, the average number of flowers per inflorescence was calculated from three flower heads in the field, with floral abundance calculated as the total number of inflorescences multiplied by the average number of flowers per inflorescence. Surveys were always carried out during sunny, non-windy days between 9 am and 4 pm. During sampling a single collector thoroughly searched each 10 9 10 m 2 quadrat in turn and examined all flowering plants. All flower-visiting insects observed were net-collected directly from the plants, unless confident identification was possible in the field (honeybees and certain butterflies), and the identity of the plant species was recorded to establish the interaction. The collector walked at a steady pace around the quadrat searching each flowering plant once; if there were no visitors, then the collector continued the walk and moved on to the next plant. When multiple visitors were observed simultaneously on one plant the collector spent no more than 5 min (excluding handling time) catching insects from that particular plant. Plants were identified in the field where possible or collected for identification using Boulos (2002) . Plants were classified as either wild or cultivated, with cultivated defined as any plant actively tended for consumption, household use or ornamental purposes. All captured insects were pinned and identified to species level for orders Hymenoptera and Lepidoptera and family Syrphidae by taxonomists. Coleoptera predicts that gardens will increase diversity by supporting higher numbers of species that were already present in the unmanaged species pool.
and non-syrphid Diptera were identified to family level and have been grouped into morphospecies based on visual characteristics to allow network analyses. Capture rates were 92%; visitors that evaded capture were excluded from further analyses as species-level identification was not possible.
Data analyses
Spatial patterns in alpha diversity were explored using Hill's numbers [species richness ( 0 D), the exponential of Shannon entropy ( 1 D) and the inverse Simpson index ( 2 D)] (Hill, 1973 ) in accordance with current consensus (Jost, 2006; Leinster & Cobbold, 2011; Chao et al., 2012 (Oksanen et al., 2013; R Core Team, 2013) . Data from the 4-month sampling period were pooled for each garden and unmanaged plot. Pollinator abundance was defined as the total number of insects recorded visiting flowers in each plot, thus is equivalent to the abundance of interactions.
The abundance and diversity ( (Bolker et al., 2009) . Models included an interaction between altitudinal category (high mountains vs. low mountains) and habitat (garden and unmanaged habitat) as predictors and wadi and as a random factor to account for spatial variation among plots. Model fit was based upon AIC and simplification followed Zuur et al. (2009) , with the significance of fixed factors tested by comparing models with a likelihood ratio test (distributed as chi-square). A Tukey's post hoc test was used to compare the effect of habitat (garden vs. unmanaged) within the two altitudinal categories.
To visualize the interactions between plants and pollinators at a community level, we created cumulative visitation networks for gardens and unmanaged plots in the high and low mountains using R package bipartite (Dormann et al., 2009) . These visitation networks were derived from quantitative interaction matrices with n rows (representing plant species) and m columns (representing insect species), with the value at the intersect representing the number of interactions observed between flower and insect.
Similarity analyses
To evaluate whether the gardens increased species turnover or lead to local enhancement, we compared the similarity of species and interactions in the gardens and unmanaged habitats using three measures of beta diversity derived from the C qN measure (Gotelli & Chao, 2013) . As with the previously described Hill's numbers, q is a parameter that determines the measures' sensitivity to species' relative abundances and N is the number of assemblages (in this case N = 2 for the high and low mountains respectively). For q = 0, C 0N is the Sørenson similarity index; for q = 1, C 1N is the Horn overlap index; and for q = 2, C 2N is the Morisita-Horn similarity index. These three similarity indices were calculated for flower visitors flowers and their interactions in SPADE using 200 iterations (Chao & Shen, 2010) . C qN ranges between unity (when communities are identical) and zero (when communities are completely different). Higher similarity means more species shared between gardens and unmanaged plots and would indicate there is potential to increase local diversity. Lower similarity means fewer shared species and would indicate that the gardens are supporting a distinct community of species thus increasing landscape heterogeneity.
The Sørenson similarity index was also used (with 200 iterations) to estimate the total relative abundance of the shared species and interactions in (a) the garden assemblage and (b) the unmanaged assemblage (i.e. the proportion of species within the garden that were shared with the unmanaged habitat, and vice versa). This provided additional insight into whether any dissimilarity was due to the two habitats supporting a completely different suite of species, or whether dissimilarity was due to the presence of additional species within the gardens.
RESULTS
Plant-pollinator interactions in the gardens and unmanaged habitat
In total, we recorded 2410 interactions between 159 pollinator species and 81 plant species (Fig. 3) Figure 3 Quantitative bipartite networks of interactions between flowers and insect visitors in gardens and unmanaged habitats (based upon pooled data). In each network, the rectangles represent plants (bottom row) and pollinators (top row), and the connecting lines represent links between species. The width of the rectangle represents the total number of interactions, and the widths of the connecting lines represent the number of interactions observed for that link. The insects in the top row are grouped by taxonomic groups for simplicity, although interaction analyses within the text were performed on a species level and were based upon individual networks. Plants in the bottom rows represent species, with species names listed in Appendix S1.
of observed interactions was 88 AE 13 in the gardens and 37 AE 9 in the unmanaged habitat. Plants, pollinators and their interactions displayed significant statistical interactions between habitat type (garden/unmanaged) and altitude ( (Fig. 4a,b) . The diversity of plant-pollinator interactions ( 0 D, 1 D and 2 D) did not differ between gardens and unmanaged habitat (Fig. 4c ) which can be visualized by the similar complexities of the visitation networks (Fig. 3a) . In the low mountains, habitat type had a much stronger effect, with gardens supporting a more abundant and diverse community of plants and pollinators than the unmanaged habitat. Plant abundance was twice as high within the low mountain gardens (Garden: 98.20 AE 10.14; D) were also significantly higher within the gardens than the unmanaged habitat, with plant and pollinator species richness doubling within the gardens (Fig. 4a,b) . The diversity of their interactions was higher still ( 0 D, 1 D and 2 D), with the richness of interactions increasing fourfold within the gardens (Fig. 4c) .
The 10 most abundant pollinator species for each habitat are shown in Appendix S2. In the high mountains, seven of these ten species occurred in gardens and unmanaged habitats, with Megachile walkeri the dominant species in both. In the low mountains, six of these ten species occurred in gardens and unmanaged habitats, and Syritta fasciata and Apis mellifera were the dominant species in both. In accordance with the Hill's diversity estimates, which decreased sharply across the order of q (Fig. 4) , there tended to be several dominant and abundant species accompanied by much higher numbers of rare species.
Species similarity of plants, pollinators and their interactions
Plants exhibited low levels of similarity between gardens and unmanaged plots in both the high and low mountains, with the similarity of interactions lower still (Fig. 5) . In contrast, pollinators exhibited much higher levels of similarity between gardens and unmanaged plots in both the high and low mountains (Fig. 5) . The similarity of plants and interactions decreased steeply to the order of q, suggesting that there was a high similarity between the presence/absence of species in the gardens and unmanaged plots, but that there were important differences in the relative frequency of dominant species and that when these differences were accounted for, the similarity between the two communities decreased.
The vast majority of plants and pollinators observed within the unmanaged plots were shared with the gardens with approximately 90% of the species, and interactions from the natural habitat also found within the gardens (Fig. 6) . Within the gardens, the majority of pollinators were shared with the natural habitat, but the proportion of shared plants and interactions was considerably lower with approximately half of all plants and interactions unique to the gardens. This suggests that the dissimilarities in community structure are primarily due to the presence of novel plant species and interactions within the gardens and not due to a loss of species or interactions in either habitat.
DISCUSSION
Plants and pollinators showed highly contrasting patterns of landscape scale diversity. As predicted, plants followed the first model (Fig. 1a) , with gardens increasing overall landscape heterogeneity by supporting a distinct assemblage of species that was highly dissimilar to that found in the unmanaged habitat. Pollinators exhibited extremely low levels of turnover across the landscape, with gardens increasing local diversity (in the low mountains) by supporting higher densities of species that were also present in the unmanaged species pool (Fig. 1b) . The identity of the plant-pollinator interactions was strongly affected by the composition of the plant communities, with pollinators showing the ability to modify their foraging behaviour. Thus, interactions showed even higher levels of turnover than the plants, with gardens and Table 1 Results of linear mixed-effect models comparing the two habitats (garden versus unmanaged) and the interaction between altitudinal category (high mountain vs. low mountain). Models contained abundance or diversity as the response variable, habitat and altitudinal category as fixed effects and wadi as a random effect. df = 1 in all models unmanaged habitats containing extremely dissimilar networks of interactions despite supporting the same pollinator species.
The impact of the gardens and the importance of landscape context
The quality of the surrounding habitat affected how the pollinator community responded to the presence of the agricultural gardens. At higher altitudes, the natural habitat is relatively undisturbed with a higher availability of water and contains a high abundance and diversity of wild flora (Ayyad et al., 2000; Norfolk et al., 2013) . In this high-quality habitat, gardens supported an equally abundant and diverse plant community as the unmanaged habitat and had no impact upon the abundance or diversity of pollinators or interactions. Conversely, in the low mountains where natural floral resources were scarce, the gardens actively increased the abundance and diversity of pollinators and interactions. Both ornamental and agricultural gardens have been known to boost pollinator abundances in other resource-limited habitats, such as desert environments (Gotlieb et al., 2011) , heavily developed cities (Matteson et al., 2008) and intensively managed farmlands (Samneg ard et al., 2011) , and these agricultural gardens seem to have a similar positive effect upon pollinator abundances in the low mountains where the surrounding environment is particularly sparse. Gardens in the poorer-quality landscape received twice as many pollinators as those in the high mountain gardens, despite gardens supporting an equal abundance and species richness of flora. These inflated abundances could be indicative of a crowding effect in the low mountains, with gardens acting as florally rich islands that collect species from the surrounding sparse habitat. The crowding effect has been documented for arthropods in highly fragmented habitats (Collinge & Forman, 1998; Debinski & Holt, 2000; Zhao et al., 2011) and predicts that when habitat is removed from a landscape, surviving individuals in the disturbed matrix will move into the remaining habitat fragments leading to elevated densities (Grez et al., 2004) . In a reversal of typical habitat fragmentation, the human-modified gardens may be acting as resource-rich islands in the low-quality desert habitat, resulting in elevated densities of pollinators within the gardens. In recently fragmented habitats, crowding effects tend to be transient, with inflated densities adjusting to a lower equilibrium within a matter of months (Debinski & Holt, 2000; Grez et al., 2004) , although abundances can be maintained through sustained immigration from neighbouring populations (Bowman et al., 2002) . The gardens in the low mountains all date back 50 years or more (Gilbert, 2011) , so the high abundances of pollinators are unlikely to be transient, but it is possible they are being maintained through sustained immigration from the high mountains.
Contrasting turnover between plants, pollinators and their interactions
Plants exhibited high levels of spatial turnover across the landscape, with distinct communities of species in the gardens and the unmanaged habitat. This was primarily due to the additional presence of cultivated species within the gardens and was not a reflection of a loss of wild plant species, with gardens supporting the vast majority of wild flowers (95%) and interactions (85%) that were present in the unmanaged habitat. Other studies in the region have shown that the gardens contain a higher diversity of wild plants than the natural habitat (Norfolk et al., 2013) , suggesting that these rainwater-irrigated gardens are having a positive role in the conservation of native flora in this region. The presence of cultivated flora led a major restructuring of the plant-pollinator interaction networks, with changes in interaction diversity directly reflecting the modified plant community within the gardens. Pollinators were able to adapt to the novel floral resources within the gardens, with interactions with cultivated flora augmenting those with wild species. Such generalized foraging behaviour has been observed in other systems, with many alien flowers receiving substantial levels of visitation from native pollinators (Graves & Shapiro, 2003; Bjerknes et al., 2007; Williams et al., 2011) . Alien flora can become well integrated in visitation networks (Memmott & Waser, 2002; Vil a et al., 2009) to such an extent that the simulated removal of alien plants can lead to species extinctions when flower visitors fail to reorganize their interactions (Valdovinos et al., 2009 ). In accordance with other studies, cultivated flora (some of which were alien to the region) were deeply integrated into visitation networks within the gardens and provided important resources for native pollinators. This is one of the first studies to utilize the C qN similarity analyses described by Gotelli & Chao (2013) , and utilizing three measures of both alpha and beta diversity has provided greater insight into the relative abundance of rare, common and abundant species within the two habitats. Pollinators showed an uneven distribution of alpha diversity in both habitats, with high number of rare species. This phenomenon of widespread rarity appears to be pervasive in bee communities (Williams et al., 2001) , and high numbers of singleton species accompanied by several dominant species have been noted in communities of desert bees elsewhere in the Middle East (Potts et al., 2003; Gotlieb et al., 2011) and in North America (Hostetler & McIntyre, 2001; Minckley, 2014) . Levels of beta diversity also decreased sharply to the order of q for plants, pollinators and their interactions, suggesting that the relative frequency of dominant species (and interactions) differed between the gardens and unmanaged habitats. For plants, this pattern likely reflects the fact that actively cultivated flora tended to be more abundant, thus dominant within the gardens, with the less abundant wild species shared with the unmanaged habitat. Although the vast majority of pollinator species occurred in both habitats (high similarity based upon presence/absence), the modification of the floral community within the gardens seems to have influenced the relative abundances of these species resulting in different dominant species in each habitat.
Conclusions
Our results highlight the promising potential of arid-land agriculture for pollinator conservation, by demonstrating that the rain-fed gardens in this system are able to maintain and in cases actively enhance pollinator abundance and diversity. On a broader scale, we show that interacting species can display highly contrasting patterns of turnover across a shared landscape and provide a clear conceptual framework for explaining the patterns of turnover exhibited by plants, pollinators and their interactions. In this system, the enhancement of local habitat had the potential to boost pollinator numbers, but habitat heterogeneity was also required in order to maintain the diversity of plant-pollinator interactions. In terms of management, these results suggest that improvement of local habitat and habitat heterogeneity are both important tools in conservation, but that a combined approach may be necessary in order to conserve the diversity of interactions between species.
